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Habitat connectivity and in-stream 
vegetation control temporal 
variability of benthic invertebrate 
communities
K.-L. Huttunen1, H. Mykrä2, J. Oksanen1, A. Astorga3,4, R. Paavola5 & T. Muotka1,6

One of the key challenges to understanding patterns of β diversity is to disentangle deterministic 
patterns from stochastic ones. Stochastic processes may mask the influence of deterministic factors 
on community dynamics, hindering identification of the mechanisms causing variation in community 
composition. We studied temporal β diversity (among-year dissimilarity) of macroinvertebrate 
communities in near-pristine boreal streams across 14 years. To assess whether the observed β diversity 
deviates from that expected by chance, and to identify processes (deterministic vs. stochastic) through 
which different explanatory factors affect community variability, we used a null model approach. We 
observed that at the majority of sites temporal β diversity was low indicating high community stability. 
When stochastic variation was unaccounted for, connectivity was the only variable explaining temporal 
β diversity, with weakly connected sites exhibiting higher community variability through time. After 
accounting for stochastic effects, connectivity lost importance, suggesting that it was related to 
temporal β diversity via random colonization processes. Instead, β diversity was best explained by in-
stream vegetation, community variability decreasing with increasing bryophyte cover. These results 
highlight the potential of stochastic factors to dampen the influence of deterministic processes, 
affecting our ability to understand and predict changes in biological communities through time.

Composition of biological communities at any given site or time is an outcome of deterministic and stochastic 
processes. Deterministic perspectives, such as the species-sorting concept1, view communities as a result of inter-
actions between species and their biotic and abiotic environment, with each species having its own predictable 
niche. Due to environmental differences among habitats, each locality is advantageous for some species while 
disadvantageous for some others. At the other extreme, stochastic perspectives highlight random colonization 
and extinction and ecological drift, i.e. random population fluctuations, as mechanisms leading to communities 
where, in the strictest sense, all species have equal requirements and probability of colonizing a site2, 3. This may 
lead to high β diversity (i.e. high dissimilarity) in community composition among sites and times, potentially 
reinforced by priority effects - the impact of a particular species on community assembly due to prior arrival at a 
site4. Here we define ‘stochastic process’ as any process that gives rise to patterns of species diversity, relative abun-
dance and community composition indistinguishable from chance. By contrast, any process creating structure 
that cannot be obtained by chance and whose effect is dependent on species identity is considered ‘deterministic’5.

Spatial β diversity is typically related to dispersal limitation or environmental heterogeneity and productiv-
ity6–8. Although several previous studies have assessed site-specific changes in community composition through 
time9–11, they have not focused specifically on temporal β diversity. Indeed, temporal β diversity has been much 
less studied than its spatial counterpart, yet partly the same mechanisms should regulate both aspects of β diver-
sity12. Variable environments tend to support high temporal community variability by favoring different species 
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at different times13, 14. Alternatively, very high environmental variability (e.g. high disturbance frequency) may 
act as a strong environmental filter whereby only the most tolerant taxa persist in frequently changing conditions, 
resulting in a negative relationship between temporal β diversity and environmental variability15, 16. It has been 
reported, for example, that stream invertebrate communities vary less through time at sites with highly variable 
flow conditions17. Spatial and temporal variability may also interact if spatially heterogeneous habitats provide 
refugia during adverse conditions, thereby dampening the effects of environmental variability18, 19. Similarly, 
abundant vegetation reduces temporal variability of stream invertebrate communities11, likely via the same mech-
anism as within-site habitat heterogeneity.

Stochastic processes may mask the influence of deterministic factors on community dynamics, potentially 
obscuring the mechanisms of community variability across space and time12. Sampling effects are an important 
source of stochasticity in community patterns. We define sampling effect to arise when there is random recruit-
ment of individuals into local communities from the regional species pool12. Temporal turnover depends on 
the number of species at any particular year (temporal α-diversity), causing uncertainty as to the mechanism 
of observed community variability; that is, is it caused simply by random differences in α-diversity among sam-
ples20. Sampling effects may also arise from differences in total number of species across the study period (tempo-
ral γ-diversity)12, 21. Higher β diversity may then be expected at sites of high compared to low γ-diversity because, 
with an increasing number of species, the probability of observing some species only once or twice also increases.

In addition to sampling effects, community variability may arise from stochastic ecological processes such as 
chance colonization, random changes in local species abundances and priority effects. For example, communities 
in isolated sites may exhibit more stochastic variability than those in better connected sites22, as high connectivity 
increases the influx of immigrants. Spatial location can be particularly important in streams that form dendritic 
networks enabling continuous dispersal and re-colonization through downstream drift and adult flight along 
(and across) river corridors23. The upmost headwaters are often weakly connected to other parts of the river 
network, and headwater communities may therefore exhibit higher temporal turnover than those in mid-order 
reaches.

We examined the temporal (inter-annual) β diversity of benthic invertebrate communities in 23 near-pristine 
streams in northern Finland across 14 consecutive years. This was done separately for each stream, with the 
mean community dissimilarity for consecutive year pairs being our measure of site-specific β-diversity. 
Correspondingly, the mean annual richness across the 14 years was our estimate of α-diversity, and the total spe-
cies number across all study years provided the temporal γ-diversity for a site. Our aim was to examine (i) if, and 
by how much, the observed level of temporal β diversity differed from that expected by chance; and (ii) to explore 
if the key environmental drivers suggested to determine spatial β diversity also explain temporal β diversity, even 
after controlling for stochasticity, indicating that these factors operate through mainly deterministic pathways. 
We predicted that (i) increased habitat connectivity should decrease temporal β diversity, with a higher amount 
of propagules promoting community stability but, if dispersal among sites is neutral, the importance of connec-
tivity should diminish when stochastic variation is accounted for. We expected (ii) a positive relationship between 
temporal γ-diversity and temporal β diversity if the pattern is caused by sampling effects. We also expected that 
(iii) flow-related extreme events pose a strong disturbance filter, allowing only the most tolerant taxa to persist 
at a site; therefore, temporal β diversity should decrease with increasing disturbance. Finally, we expected (iv) 
within-site habitat heterogeneity and in-stream vegetation to dampen temporal variability of invertebrate com-
munities by affording more refugia for the invertebrates during adverse flow conditions.

Results
Our data contained overall 129 macroinvertebrate taxa. Mean taxa richness at a site per year (temporal 
α-diversity) was 31, ranging from 25 to 40. Site-specific total amount of taxa across all study years (temporal 
γ-diversity) was on average 64, ranging from 50 to 81. The mean among-year Bray-Curtis dissimilarity, i.e. 
observed temporal β diversity, ranged from 0.210 to 0.375 (mean: 0.288; Fig. 1a), whereas β diversity compared 
to that expected by chance (βdep) varied from -0.085 to -8.948. A great majority of sites (18 out of 23) had lower 
temporal β diversity (i.e. higher stability) than expected by chance (βdep < −2; Fig. 1b).

Connectivity was the only variable included in the best model for the observed temporal β diversity, with 
weakly connected sites exhibiting more variation in community composition across years. The importance value 
for connectivity approached the threshold of 0.80, whereas all other variables obtained very low importance val-
ues, emphasizing the primary role of connectivity in explaining temporal β diversity of invertebrate communities 
(Table 1; see also Fig. 2a).

When stochastic variation was controlled for by using departure from null as response variable, both of the 
best models (ΔAICc < 2) included bryophyte cover as the key variable (importance value: 0.90) (Table 1). The 
relationship between community dissimilarity and bryophyte cover was negative, that is, temporal β diversity 
decreased with increased amount of in-stream vegetation (Fig. 2b). Connectivity was also included in one of the 
best models. However, the importance value for connectivity was much lower (0.52) and thus clearly inferior 
compared to bryophyte cover.

Discussion
We studied the temporal β diversity of stream macroinvertebrate communities with the aim of disentangling 
the relative importance of deterministic vs. stochastic factors to community variability. For the majority of 
sites, site-specific temporal β diversity across years was significantly less than expected by chance, indicating 
that macroinvertebrate communities in these near-pristine forest streams were temporally stable. Connectivity 
among suitable habitats within a stream was clearly the most influential determinant of the observed community 
variability. However, the negative relationship between connectivity and temporal β diversity disappeared once 
stochastic effects were accounted for, implying that connectivity contributed to community variability mainly 
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via stochastic processes. Connectivity within stream networks likely relates to dispersal probability, with more 
connected sites receiving a higher influx of propagules, thus exhibiting a lower likelihood of stochastic extinc-
tions and less temporal variability in community composition than more isolated sites24. This supports the view 
of dispersal as a stochastically-driven process that may induce variation in community composition not only 
among sites but through time as well2, 3. Stream metacommunity studies frequently use Euclidean or topographic 
distances between study sites as a surrogate for connectivity. While topographic distances to other streams may 
indeed be relevant for stream insects in arid landscapes where streams frequently dry out25, 26, all of our sites are 
perennial and do not dry completely at any time. Furthermore, local communities are connected to many other 
sources of colonization than the sites that are included in a given study, and the availability of the most likely 

Figure 1. Site-specific temporal β diversity. The mean (±1 SD) among-year dissimilarity, calculated for 
consecutive year pairs, for each study site expressed as (a) observed dissimilarity (Bray-Curtis index) and as (b) 
departure from null expectation. The dashed line represents the limit below which a community is interpreted 
as being more stable than expected by chance (βdep < −2). Above the line, variation in community composition 
does not differ from random expectation.

a) Dependent: Bray-Curtis dissimilarity, observed (βobs)

Importance

BMI Bryophytes Simpson Temp. Connectivity Gamma adj.R² ΔAICc

x x x x −0.487 x 0.201 0

0.178 0.213 0.178 0.227 0.777 0.185

b) Dependent: Bray-Curtis dissimilarity, departure from null (βdep)

Importance

BMI Bryophytes Simpson Temp. Connectivity Gamma adj.R² ΔAICc

x −0.606 x x 0.379 x 0.354 0

x −0.525 x x x x 0.241 1.870

0.252 0.901 0.314 0.257 0.524 0.195

Table 1. Standardized regression coefficients for the best models (ΔAICc < 2) explaining temporal β diversity 
in stream macroinvertebrate community composition based on Bray-Curtis dissimilarity values (average 
dissimilarities between consecutive years) on log(x + 1)-transformed data. Dependent variables are (a) observed 
dissimilarity (βobs) and (b) departure of the observed dissimilarity from the null expectation (βdep). x Denotes 
that a variable was not included in that model. The overall importance across all candidate models is also 
presented for each predictor; the highest importance value is given in bold. BMI = bed movement intensity, 
Temp = water temperature.
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recolonization sources may be a better surrogate for dispersal than distances to other sampling sites in (mainly) 
other streams27, 28.

After accounting for stochastic effects connectivity was no longer important. Temporal β-diversity of inver-
tebrate communities was instead best explained by in-stream vegetation, with more stable communities at sites 
with abundant bryophytes, whereas other factors (e.g. disturbance, habitat heterogeneity) shown to be important 
drivers of spatial (and, less so, temporal) community variability were of marginal importance. The strong nega-
tive relationship between bryophyte abundance and temporal β-diversity corroborates our earlier finding about 
the key role of bryophytes to stream invertebrate community stability11. If bryophytes are very abundant, they 
may create a homogeneous stream habitat, which may then explain low β diversity. Nevertheless, it seems more 
likely that the negative relationship is related to bryophytes providing refugia against flow-related disturbances 
and thus increasing community stability through time. In addition, although only few invertebrates directly con-
sume bryophytes, they afford abundant food resources by acting as substrate for epiphytic algae and by enhanc-
ing organic matter retention29, 30. The time span of our previous study was much shorter, however, only four 
years11. Recent work suggest that solution to the ‘neutral vs. niche’ debate may depend on the scale of the study, 
with stochastic factors becoming more important as the size of the sampling plot decreases31, 32. Our finding of 
deterministic control by bryophytes over temporal β-diversity of stream invertebrate communities is therefore 
substantiated by the fact that the same relationship seems to hold at differing temporal ‘windows of opportunity’, 
from inter-annual11 to decadal (this study). Similarly, other studies have reported a negative relationship between 
substrate heterogeneity and temporal turnover, likely reflecting partly the same mechanisms as bryophytes in our 
study18, 19. However, we did not detect such a stabilizing effect of substrate heterogeneity on inter-annual variation 
in community composition.

Habitat stability has been frequently evoked as a key factor promoting stability of biological communities13, 33.  
We measured habitat stability at a scale directly relevant to benthic organisms, using stone movement as our 
measure of disturbance34, 35. While practically all previous studies using the same technique to quantify in-stream 
disturbance have continued for a relatively short period, typically a few months, we monitored stone movement 
for five successive years, guaranteeing that our study encompassed major flow events from a drastic drought 
in 2006 to peak flows during spring floods36. Running water ecosystems are traditionally thought of as highly 
disturbance-prone environments where frequent and unpredictable disturbances exert strong control over com-
munity structure; streams have even been suggested to be one of the most disturbance-prone (‘flashiest’) ecosys-
tems37, 38. In our study, however, community stability was unrelated to bed movement intensity. It has been argued 
that stones placed on substrate surface move more easily during high flows than do more embedded natural 

Figure 2. Regressions between temporal β diversity and selected environmental variables. Univariate linear 
regressions between the observed dissimilarity (top row: a&b) or deviation from the null expectation (bottom 
row: c&d) and connectivity (i.e. riffle area within a 500-m buffer of a study reach, m2) and bryophyte cover.
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stones39. However, our estimates of stone movement were clearly lower than in most previous studies using the 
same technique to assess flow-related disturbance in streams. Therefore, if anything, our results should be too 
liberal, and bed movement intensity in these and other similar boreal streams may be even lower than observed 
in this study. While the influence of bed disturbance as a driver of the temporal β-diversity of invertebrate com-
munities in these near-pristine streams seems negligible, we cannot exclude the possibility that this pattern may 
simply reflect the somewhat restricted disturbance gradient of our study: even the highest spring floods moved 
only about one-third of the stones, compared to 100% in similar studies34, 35. Nevertheless, disturbances that 
cause a complete streambed turnover must be very rare and the disturbance gradient detected in our study seems 
realistic for unmodified boreal streams.

One of the key challenges to ecologists trying to understand patterns of community variability, either through 
space or time, is to disentangle deterministic patterns from those induced by chance, especially those resulting 
from pure sampling effect. Null models have proved to be a valuable tool for controlling stochasticity, providing 
a measure for the deviation of the observed dissimilarity from null expectation20, 21. Although the use of null 
models to test if observed β diversity deviates from random expectation is an emerging practice in studies on 
spatial turnover40–42, they are still rarely used for assessing temporal β diversity of biological communities. Our 
results show that the identity and relative importance of explanatory variables may vary profoundly depending on 
whether community variability is measured as observed dissimilarity or departure from null. Such deviating out-
comes indicate that stochastic processes may dampen, or even completely obscure, the influence of deterministic 
processes on β diversity, thus affecting our ability to understand and predict changes in biological communities 
through time. In our case, failing to consider stochasticity would have resulted in a complete neglect of the impor-
tance of local habitat filters, particularly in-stream vegetation. Obviously, reliable data on dispersal capacities of 
individual species would allow the construction of ecologically more realistic null models, and one could then 
expect stronger deterministic effects of connectivity on temporal variability of weak dispersers whereas strong 
dispersers would be less dependent on connectivity (for a spatial counterpart, see refs 43 and 44). Finally, from 
an applied perspective, the strong role of habitat connectivity to temporal β diversity suggests that the recovery of 
stream communities from human-induced disturbances may be constrained by dispersal limitation of lotic taxa45. 
Consequently, the success of restoration and conservation programs may be compromised by habitat fragmenta-
tion that causes discontinuity along the stream network, emphasizing the need for a landscape-scale approach to 
stream management and conservation planning.

Methods
Study sites. We conducted our study in 23 streams in the Finnish part of the Koutajoki drainage basin in 
northeastern Finland, just south of the Arctic Circle (66–67°N, 28–30°E). Koutajoki basin is geologically diverse 
with extensive deposits of calcareous rocks. Vegetation is highly variable, dominated by pine forests and peat-
lands. Our study sites are first-to-second order streams with catchments ranging from 2.3 to 50.1 km2 (mean 
15.2 km2). Many of them are located within a nature conservation reserve, Oulanka National Park, which repre-
sents the westernmost remnants of pristine taiga forests45. All the streams drain mixed forests and bogs with min-
imal anthropogenic impact, less than ten percent of their catchments being modified by any land use activities 
(mainly forestry). Headwater streams of the region are highly oligotrophic with circumneutral to slightly alkaline 
waters with low humic content46. All our study streams have permanent flows, with discharge peaks tracking 
closely the spring snowmelt (late April to early May). Site characteristics are described in more detail in Table S1.

Sampling of benthic invertebrates. We sampled benthic invertebrates in autumn, about four months 
after the spring flood. Sampling was conducted during 14 consecutive years (2000 to 2013), always by the same 
field crew. In each stream, we delineated a riffle section of about 100 m2 where all biological and environmental 
sampling (except connectivity) was conducted. We then collected a 2-min kick-net (mesh size 0.3 mm) sample, 
consisting of four 30-s subsamples which were subsequently pooled. Each sample aimed to cover different micro-
habitat types available in a riffle in relation to their proportional availability. Such a sample covers 1.3 m2 of the 
stream bed, capturing about 75% of all species present in a riffle, mainly missing species that occur only sporad-
ically in streams47. Samples were preserved in 70% ethanol in the field and later processed in the laboratory. All 
individuals were sorted, counted and identified to the lowest feasible level, mainly species (65% of all individuals) 
or genus (27%), except for Diptera and some Limnephilidae caddis larvae which were identified to family level. 
Chironomids were not counted every year and were therefore excluded from all analyses. Benthic invertebrate 
fauna in our study area is strongly dominated by aquatic insect, with non-insects contributing generally less than 
10% of all benthic invertebrates46.

Explanatory variables. We quantified environmental stability as bed disturbance intensity and frequency 
by monitoring the movement of individual stones within a reach. We first quantified substrate size distribution at 
a site by measuring the longest dimension for at least 100 randomly selected particles. We then collected stones 
from the immediate surroundings of the study reach corresponding to the 50th, 75th and 90th percentiles of the 
substrate size distribution at a site. We marked each stone individually using waterproof paint. In late May 2005, 
the stones were arranged in 12 transects perpendicular to the flow, each transect consisting of three regularly 
spaced stones, one in each size class, in a random order. We then monitored stone movement twice a year until 
autumn 2009: after the spring flood in early June and concurrently with benthic sampling in September. On 
each occasion, we recorded if the stones had moved. Displaced stones were returned to their original position 
or, if disappeared, replaced with a similar-sized stone. We quantified bed movement intensity (BMI) as the mean 
percentage of stones moved (or turned) across the whole study period34. We emphasize that as we did not sample 
embedded particles or bed clusters, this index should be considered strictly as an index of bed disturbance48. 
We also calculated bed movement frequency (proportion of monitoring periods with more than 20% of stones 
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moved) as well as maximum bed movement. However, as all three measures were strongly correlated (r = 0.87–
0.95), we used only BMI in further analyses. Bed movement intensity differed between seasons: spring floods 
moved stones much more frequently than did the summertime flows (Fig. S1). Unfortunately, we were unable 
to monitor bed movement across all study years, but based on data from a meteorological station at Oulanka 
Research Station, located centrally in our study area, the five monitoring years included both an extreme drought 
year (once-in-a-50-year drought in 2006) and an exceptionally wet year (2009). We therefore consider the five 
sampling years to be well representative of the annual precipitation regime (and, consequently, stream discharges) 
during the whole study period. Furthermore, Spearman rank correlations showed that the ranking of sites in 
terms of disturbance intensity remained fairly constant during the study period (mean rs: 0.544), with only small 
rank changes between sites at intermediate positions along the disturbance gradient.

We measured in-stream habitat heterogeneity as substratum diversity (Simpson index, 1/D) based on particle 
size distribution in ten 50 × 50 cm quadrats (modified Wentworth scale from silt (0) to large boulder and bedrock 
(9)36. Percentage cover of bryophytes was estimated visually at twenty randomly placed 50 × 50 cm quadrats at 
each site. Replicate measurements were averaged to give a single value for each variable. While these variables 
may vary through time, our repeated measurements in the 23 streams included in this study across three years 
(2000 to 2002) suggest that the relative ranking of sites remains very constant across years (rs = 0.831 for bryo-
phytes, 0.856 for substrate size; H. Mykrä, unpublished data). We also measured stream water temperature at 
30-min intervals from late May to early October for four consecutive years (2009–2012) at each site using data 
loggers (WT-HR 1000 mm, TruTrack Ltd, New Zealand). Daily averages were used to calculate mean water tem-
perature for each site. The mean value across the four monitoring years was then used in data analysis. Although 
temperature variation across the whole study period was relatively minor, Spearman rank correlations showed 
that the site ranking in terms of water temperature across the four years of monitoring remained highly consistent 
(rs = 0.911). Finally, connectivity was measured as the relative isolation of a site within a stream network by esti-
mating, based on site visits, availability of riffle habitat (as m2) within a 500 m buffer in both upstream and down-
stream directions from the sample reach. As our streams are characterized by distinct riffle-pool sequences, the 
1000-m distance surveyed for riffle availability in each stream included usually several riffle sections separated by 
slow-flowing, deep pools. While any buffer size is more or less arbitrary as it cannot be reliably related to (typically 
unknown) dispersal distances of stream invertebrates, we consider this measure reasonably sensitive in capturing 
most dispersal events along the stream network49. Occasionally (in 4 of the 23 streams) this distance also included 
other nearby tributaries (for a similar approach, see ref. 28). We measured connectivity also by calculating the 
number of adjoining tributaries within a 2-km buffer in both upstream and downstream direction of a study 
site. As the two measures of connectivity gave closely similar results, we used riffle area (length × stream width) 
per 1000 m river length) in all analysis as we consider it to better represent local-scale connectivity. Individual 
dispersal events can occasionally extend beyond the 500-m distance used by us50, 51. We assessed the role of such 
large-scale connectivity by measuring straight-line distances to five nearest streams (other riffles in the same 
stream not included). Although more complicated measures that take landscape topography into account26, 43 
could have been used, we think that the simple Eulidean distance provides a sensible approximation of the relative 
isolation of a site within the landscape. In univariate regression, this measure of connectivity was unrelated to 
interannual dissimilarity (departure of the observed dissimilarity from null expectation, see below; R2 = 0.028) 
and was therefore not included in the modeling approach.

Data analysis. Temporal variability of community composition. We analyzed temporal β diversity, 
i.e. inter-annual variability in community composition, by using Bray-Curtis dissimilarity index based on 
log(x + 1)-transformed abundance data; low index values represent low temporal β diversity and thus high com-
munity stability through time. We computed temporal β diversity (βobs) separately for each site by calculating 
Bray-Curtis dissimilarity first across all consecutive year pairs (13 pairs), and then used the mean dissimilarity 
across years for a site as response variable in subsequent analyses.

To assess whether the observed level of temporal turnover deviates from that expected by chance, we used a 
null model approach12, 20, 42 (function nullmodel, algorithm swsh_both_r) with vegan package version 2.2–0 in the 
R program (http://cran.r-project.org/)52. For each site, we constructed a quantitative null model that first ran-
domly shuffles species presences so that species richness for each sample (α), species frequencies, and site-specific 
γ diversity are retained. Individuals are then distributed randomly over non-zero cells for each row so that sam-
ple totals are preserved. This procedure thus produces the mean (across 1000 iterations) expected temporal β 
diversity (βexp) for consecutive years across the study period for a null community with fixed γ-diversity, given 
annual variation in taxa richness and total abundance. To estimate the level of temporal β diversity independent 
of chance alone we then calculated departure of the observed dissimilarity from the null expectation, expressed 
as effect size (βdep = (βobs − βexp)/SD βexp). This value shows the number of standard deviations that the observed 
dissimilarity deviates from that expected by chance21. Negative βdep values indicate that community composition 
among consecutive years is less dissimilar than expected by chance (low temporal β diversity), while positive 
values indicate more dissimilar communities than expected (high temporal β diversity).

Null models in community ecology are often criticized of having overly simplistic randomization structure, 
mainly because the kind of detailed information about, for example, species’ dispersal capacities required for 
more sophisticated null models is usually lacking53; therefore, null models that allow one to reliably disentangle 
ecological processes that structure communities “remain elusive”54. To this end, our null model is not ecologically 
realistic, but rather a general null in the sense of species equality2 in terms of dispersal ability. While a regional 
null model would have provided more robust patterns (more distinct departure from the null), distinguishing 
temporal β diversity from its spatial counterpart would not have been possible then.

Differences between the observed and expected dissimilarity may arise from temporal autocorrelation, with 
communities between consecutive years being more similar than expected by chance - a pattern inherent in real 
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communities but lacking from the null model. To estimate the effect of temporal autocorrelation we used gen-
eralized additive mixed model with observed dissimilarity across all possible year pairs as response variable and 
smoothed time step as the explanatory variable55. The level of autocorrelation for the one-year time step was low 
(decrease of 0.03 in observed Bray-Curtis values), and practically equal among sites, indicating that any effect of 
temporal autocorrelation on our results is small.

Relating temporal turnover to environmental variables. We used multimodel inference56, 57 in multiple linear 
regressions to examine the relationships between environmental variables and temporal β diversity. Specifically, 
we were interested in the influence of environmental stability (BMI), habitat heterogeneity (Simpson diversity), 
in-stream vegetation, water temperature, temporal gamma diversity, and connectivity on community variability. 
To restrict the number of candidate models, only individual variables were explored (no interaction terms), the 
total number of candidate models being 64. Initially, we also included two measures of productivity (algal accrual 
rate, organic matter standing stock) and water chemistry (pH, total phosphorus, water color) in our analysis, but 
as these varied little among the study sites and were of negligible importance in regression models, we excluded 
them from all analyses to keep the models relatively simple (and interpretable) and to avoid multicollinearity. We 
compared the explanatory power of models using Akaike Information Criterion with small-sample correction 
(AICc), the best model being the one with the lowest AICc score. Differences in AICc scores between each model 
and the best model (ΔAICc) express the loss in information if the best model is not used. Models with ΔAICc < 2 are 
interpreted as having equal support. We used model weights to compare the relative importance of explanatory 
variables. Summing model weights across all models that include a certain variable gives the importance value for 
that variable, allowing a comparison among variables56, 57. To aid interpretation, we used a threshold importance 
value of 0.80 below which terms were regarded unimportant. This threshold generally yields good properties in 
terms of type I and type II error rate58. The R package MuMIn59 was used to relate community variability to envi-
ronmental variables. To identify processes through which the explanatory factors affected temporal β diversity 
(deterministic vs. stochastic), both the observed level of β diversity (βobs) and departure from null (βdep) were 
used as response variables. If an explanatory variable affects temporal β diversity through stochastic processes, its 
role should become non-significant, whereas factors reflecting deterministic processes will remain (or become) 
significant, once stochastic effects are controlled for.

Data availibility. Data available from the Dryad Digital Repository: http://dx.doi.org/10.5061/dryad.vt68r.

References
 1. Leibold, M. A. et al. The metacommunity concept: a framework for multi-scale community ecology. Ecol. Lett. 7, 601–613 (2004).
 2. Hubbell, S. P. The Unified Neutral Theory of Biodiversity and Biogeography. (Princeton University Press, 2001).
 3. Rosindell, J., Hubbell, S. P. & Etienne, R. S. The unified neutral theory of biodiversity and biogeography at age ten. Trends Ecol. Evol. 

26, 340–348 (2011).
 4. Belyea, L. R. & Lancaster, J. Assembly rules within a contingent ecology. Oikos 86, 402–416 (1999).
 5. Chase, J. M. & Myers, J. A. Disentangling the importance of ecological niches from stochastic processes across scales. Proc. R. Soc. 

Lond. B 366, 2351–2363 (2011).
 6. Qian, H. & Ricklefs, R. E. A latitudinal gradient in large-scale beta diversity for vascular plants in North America. Ecol. Lett. 10, 

737–744 (2007).
 7. Veech, J. A. & Crist, T. O. Habitat and climate heterogeneity maintain beta-diversity of birds among landscapes within ecoregions. 

Glob. Ecol. Biogeogr. 16, 650–656 (2007).
 8. Harrison, S., Vellend, M. & Damschen, E. I. Structured beta diversity increases with climatic productivity in a classic dataset. 

Ecosphere 2, 1–13 (2011).
 9. McElravy, E. P., Lamberti, G. A. & Resh, V. H. Year-to-year variation in the aquatic macroinvertebrate fauna of a northern California 

stream. J. N. Am. Benthol. Soc. 8, 51–63 (1989).
 10. Ormerod, S. J. & Bradley, D. C. Community persistence among stream invertebrates tracks the North Atlantic Oscillation. J. Anim. 

Ecol. 70, 987–996 (2001).
 11. Mykrä, H., Heino, J., Oksanen, J. & Muotka, T. The stability–diversity relationship in stream macroinvertebrates: influences of 

sampling effects and habitat complexity. Freshwater Biol 56, 1122–1132 (2011).
 12. Stegen, J. C. et al. Stochastic and deterministic drivers of spatial and temporal turnover in breeding bird communities. Glob. Ecol. 

Biogeogr. 22, 202–212 (2013).
 13. Death, R. G. & Winterbourn, M. J. Environmental stability and community persistence: a multivariate perspective. J. North Am. 

Benthological Soc. 13, 125–139 (1994).
 14. Mykrä, H., Heino, J. & Muotka, T. Concordance of stream macroinvertebrate assemblage classifications: How general are patterns 

from single-year surveys? Biol. Conserv. 141, 1218–1223 (2008).
 15. Chase, J. M. Drought mediates the importance of stochastic community assembly. Proc. Natl. Acad. Sci. 104, 17430–17434 (2007).
 16. Lepori, F. & Malmqvist, B. Deterministic control on community assembly peaks at intermediate levels of disturbance. Oikos 118, 

471–479 (2009).
 17. Scarsbrook, M. R. Persistence and stability of lotic invertebrate communities in New Zealand. Freshwater Biol. 47, 417–431 (2002).
 18. Brown, B. L. Spatial heterogeneity reduces temporal variability in stream insect communities. Ecol. Lett. 6, 316–325 (2003).
 19. Brown, B. L. & Lawson, R. L. Habitat heterogeneity and activity of an omnivorous ecosystem engineer control stream community 

dynamics. Ecology 91, 1799–1810 (2010).
 20. Chase, J. M., Kraft, N. J. B., Smith, K. G., Vellend, M. & Inouye, B. D. Using null models to disentangle variation in community 

dissimilarity from variation in α-diversity. Ecosphere 2, a24 (2011).
 21. Kraft, N. J. B. et al. Disentangling the drivers of β diversity along latitudinal and elevational gradients. Science 333, 1755–1758 

(2011).
 22. Chase, J. M. & Ryberg, W. A. Connectivity, scale-dependence, and the productivity–diversity relationship. Ecol. Lett. 7, 676–683 

(2004).
 23. Mari, L., Casagrandi, R., Bertuzzo, E., Rinaldo, A. & Gatto, M. Metapopulation persistence and species spread in river networks. 

Ecol. Lett. 17, 426–434 (2014).
 24. Driscoll, D. A. & Lindenmayer, D. B. Empirical tests of metacommunity theory using an isolation gradient. Ecol. Monogr. 79, 

485–501 (2009).

http://dx.doi.org/10.5061/dryad.vt68r


www.nature.com/scientificreports/

8Scientific RepoRts | 7: 1448  | DOI:10.1038/s41598-017-00550-9

 25. Morán‐Ordóñez, A. et al. Aquatic communities in arid landscapes: local conditions, dispersal traits and landscape configuration 
determine local biodiversity. Divers. Distrib. 21, 1230–1241 (2015).

 26. Razeng, E. et al. A potential role for overland dispersal in shaping aquatic invertebrate communities in arid regions. Freshwater Biol. 
61, 745–757 (2016).

 27. Altermatt, F., Seymour, M. & Martinez, N. River network properties shape α-diversity and community similarity patterns of aquatic 
insect communities across major drainage basins. J. Biogeogr. 40, 2249–2260 (2013).

 28. Campbell, R. E. & McIntosh, A. R. Do isolation and local habitat jointly limit the structure of stream invertebrate assemblages? 
Freshwater Biol. 58, 128–141 (2013).

 29. Suren, A. M. & Winterbourn, M. J. The influence of periphyton, detritus and shelter on invertebrate colonization of aquatic 
bryophytes. Freshwater Biol. 27, 327–339 (1992).

 30. Muotka, T. & Laasonen, P. Ecosystem recovery in restored headwater streams: the role of enhanced leaf retention. J. Appl. Ecol. 39, 
145–156 (2003).

 31. Garzon-Lopez, C. X., Jansen, P. A., Bohlman, S. A., Ordonez, A. & Olff, H. Effects of sampling scale on patterns of habitat association 
in tropical trees. J. Veg. Sci. 25, 349–362 (2014).

 32. Chase, J. M. Spatial scale resolves the niche versus neutral theory debate. J. Veg. Sci. 25, 319–322 (2014).
 33. Mutshinda, C. M., O’Hara, R. B. & Woiwod, I. P. What drives community dynamics? Proc. R. Soc. Lond. B 276, 2923–2929 (2009).
 34. Townsend, C. R., Scarsbrook, M. R. & Dolédec, S. Quantifying disturbance in streams: alternative measures of disturbance in 

relation to macroinvertebrate species traits and species richness. J. North Am. Benthol. Soc. 16, 531–544 (1997).
 35. Lepori, F. & Malmqvist, B. Predictable changes in trophic community structure along a spatial disturbance gradient in streams. 

Freshwater Biol. 52, 2184–2195 (2007).
 36. Huttunen, K.-L., Mykrä, H. & Muotka, T. Temporal variability in taxonomic completeness of stream macroinvertebrate assemblages. 

Freshwater Sci. 31, 423–441 (2012).
 37. Lake, P. S. Disturbance, patchiness, and diversity in streams. J. North Am. Benthological Soc. 19, 573–592 (2000).
 38. Townsend, C. R. The patch dynamics concept of stream community ecology. J. North Am. Benthological Soc. 8, 36–50 (1989).
 39. Downes, B. J., Lake, P. S., Glaister, A. & Webb, J. A. Scales and frequencies of disturbances: rock size, bed packing and variation 

among upland streams. Freshwater Biol. 40, 625–639 (1998).
 40. Chase, J. M. Stochastic community assembly causes higher biodiversity in more productive environments. Science 328, 1388–91 

(2010).
 41. Astorga, A., Death, R., Death, F., Paavola, R., Chakraborty, M. & Muotka, T. Habitat heterogeneity drives the geographical 

distribution of beta diversity: the case of New Zealand stream invertebrates. Ecol. Evol. 4, 2693–2702 (2014).
 42. Hawkins, C. P., Mykrä, H., Oksanen, J. & Vander Laan, J. J. Environmental disturbance can increase beta diversity of stream 

macroinvertebrate assemblages. Glob. Ecol. Biogeogr. 24, 483–494 (2015).
 43. Cañedo-Argüelles, M. et al. Dispersal strength determines meta-community structure in a dendritic riverine network. J. Biogeogr. 

42, 778–790 (2015).
 44. Seymour, M., Fronhofer, E. A. & Altermatt, F. Dendritic network structure and dispersal affect temporal dynamics of diversity and 

species persistence. Oikos 124, 908–916 (2015).
 45. Brederveld, R. J., Jähnig, S. C., Lorenz, A. W., Brunzel, S. & Soons, M. B. Dispersal as a limiting factor in the colonization of restored 

mountain streams by plants and macroinvertebrates. J. Appl. Ecol. 48, 1241–1250 (2011).
 46. Malmqvist, B., Muotka, T., Nilsson, C. & Timm, H. Rivers of the Fennoscandian Shield. In Rivers of Europe (eds Tockner, U., 

Uehlinger, U. & Robinson, C. T.) 297–335 (Elsevier, 2009).
 47. Mykrä, H., Ruokonen, T. & Muotka, T. The effect of sample duration on the efficiency of kick-sampling in two streams with 

contrasting substratum heterogeneity. Verh. Int. Ver. Theor. Angew. Limnol. 29, 351–355 (2006).
 48. Matthaei, C. D., Peacock, K. A. & Townsend, C. R. Patchy surface stone movement during disturbance in a New Zealand stream and 

its potential significance for the fauna. Limnol Oceanogr 44, 1091–1102 (1999).
 49. Brown, B. L. et al. Metacommunity theory as a multispecies, multiscale framework for studying the influence of river network 

structure on riverine communities and ecosystems. J. N. Am. Benthol. Soc. 30, 310–327 (2011).
 50. Petersen, I., Masters, Z., Hildrew, A. G. & Ormerod, S. J. Dispersal of adult aquatic insects in catchments of differing land use. J. Appl. 

Ecol. 41, 934–950 (2004).
 51. MacNeale, K. H., Peckarsky, B. L. & Likens, G. E. Stable isotopes identify dispersal patterns of stonefly populations living along 

stream corridors. Freshwater Biol. 50, 1117–1130 (2005).
 52. Oksanen, J. et al. Vegan: community ecology package. R package version 2.2–0. Available at: http://cran.r-project.org (2014).
 53. Gotelli, N. J. Research frontiers in null model analysis. Glob. Ecol. Biogeogr. 10, 337–343 (2001).
 54. Tucker, C. M., Shoemaker, L. G., Davies, K. F., Nemergut, D. R. & Melbourne, B. A. Differentiating between niche and neutral 

assembly in metacommunities using null models of β-diversity. Oikos 125, 778–789 (2016).
 55. Zuur, A. F., Ieno, E. N., Walker, N. J., Saveliev, A. A. & Smith, G. M. Mixed effects models and extensions in ecology with R. (Springer, 

2009).
 56. Burnham, K. P. & Anderson, D. R. Model selection and multimodel inference: a practical information-theoretical approach. 2nd edn 

(Springer, 2002).
 57. Johnson, J. B. & Omland, K. S. Model selection in ecology and evolution. Trends Ecol. Evol. 19, 101–108 (2004).
 58. Calcagno, V. & de Mazancourt, C. glmulti: an R package for easy automated model selection with (generalized) linear models. J Stat 

Softw 34, 1–29 (2010).
 59. Barton, K. MuMIn: Multi-model inference. R package version 1.7.11. Available at: http://CRAN.R-project.org/package=MuMIn 

(2012).

Acknowledgements
We thank Jani Heino, Maija Murtoperä, Kaisa Mustonen, Maija Niva, Romain Sarremejane, as well as many other 
students and colleagues for help in the field or in the lab along the years of this study. We also acknowledge the 
constructive comments by three referees and logistical support by the Oulanka Research Station during the field 
work. Financial support was received from the Academy of Finland and University of Oulu (Thule institute and 
University of Oulu Graduate School).

Author Contributions
H.M. and T.M. had the original idea for the paper. K.-L.H. wrote the paper with contributions by H.M. and 
T.M., and conducted analyses with contribution by J.O., A.A. and R.P. contributed to field work and provided 
comments on the manuscript. T.M. supervised the work.

Additional Information
Supplementary information accompanies this paper at doi:10.1038/s41598-017-00550-9

http://dx.doi.org/10.1038/s41598-017-00550-9


www.nature.com/scientificreports/

9Scientific RepoRts | 7: 1448  | DOI:10.1038/s41598-017-00550-9

Competing Interests: The authors declare that they have no competing interests.
Publisher's note: Springer Nature remains neutral with regard to jurisdictional claims in published maps and 
institutional affiliations.

Open Access This article is licensed under a Creative Commons Attribution 4.0 International 
License, which permits use, sharing, adaptation, distribution and reproduction in any medium or 

format, as long as you give appropriate credit to the original author(s) and the source, provide a link to the Cre-
ative Commons license, and indicate if changes were made. The images or other third party material in this 
article are included in the article’s Creative Commons license, unless indicated otherwise in a credit line to the 
material. If material is not included in the article’s Creative Commons license and your intended use is not per-
mitted by statutory regulation or exceeds the permitted use, you will need to obtain permission directly from the 
copyright holder. To view a copy of this license, visit http://creativecommons.org/licenses/by/4.0/.
 
© The Author(s) 2017


	Habitat connectivity and in-stream vegetation control temporal variability of benthic invertebrate communities
	Results
	Discussion
	Methods
	Study sites. 
	Sampling of benthic invertebrates. 
	Explanatory variables. 
	Data analysis. 
	Temporal variability of community composition. 
	Relating temporal turnover to environmental variables. 

	Data availibility. 

	Acknowledgements
	Figure 1 Site-specific temporal β diversity.
	Figure 2 Regressions between temporal β diversity and selected environmental variables.
	Table 1 Standardized regression coefficients for the best models (ΔAICc < 2) explaining temporal β diversity in stream macroinvertebrate community composition based on Bray-Curtis dissimilarity values (average dissimilarities between consecutive years) on




